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Abstract: Dissolved organic matter (DOM) is the largest pool of organic matter in aquatic ecosystems and is a primary substrate for microbial respiration in streams. However, understanding the controls on DOM processing by
microbes remains limited, and DOM decay rates remain largely unconstrained. Many DOM decay rates are quantiﬁed with bioassays in dark bottles, which may underestimate DOM decay in streams because these bioassays do not
include a benthic zone and do not account for abiotic factors of DOM loss, such as photodegradation and volatilization. We measured decay of labile and semi-labile DOM over 3 d in experimental streams and bottle bioassays.
Incubations included 3 types of labile DOM (algal, light-degraded soil, and light-degraded plant leachates) and
2 types of semi-labile DOM (plant and soil leachates). We also quantiﬁed decay rates when labile and semi-labile
DOM were mixed to test for non-additive effects, or priming, of semi-labile DOM by labile DOM. We converted
dissolved organic carbon (DOC) decay rates to half-lives and uptake velocities and compared these metrics to previous studies that quantiﬁed DOC loss in bioassays or real streams. Percent DOC lost over time, or biodegradable
DOC, was greater in experimental streams than in bioassays. DOC decay rates and uptake velocities did not differ
between bioassays and experimental streams but were lower than in real streams. Mixing of labile and semi-labile
DOM resulted in both positive and negative non-additive effects. Consistent non-additive effects were difﬁcult to
quantify because decay rates were not constant over the course of each incubation, as shown by faster decay rates
calculated over the ﬁrst 6 h of incubation compared to >70 h. Decay rates of leachates from natural substrates
(e.g., algae and soil) incubated over short periods of time (hours–days) are needed for models that aim to quantify
organic matter transformation in aquatic ecosystems with short residence times, such as rivers and streams.
Key words: priming, dissolved organic matter, bioassay, dark bottle, 1st-order decay, biexponential decay, uptake
velocity, ﬂuorescence

Dissolved organic matter (DOM) is the largest pool of organic matter (OM) in aquatic ecosystems (Webster and
Meyer 1997, Wetzel 2001), and the ﬂux of DOM from terrestrial ecosystems to inland waters has been recognized as
an important component of organic carbon budgets from
watershed (Moody et al. 2013) to global scales (Hotchkiss
et al. 2015, Butman et al. 2016, Drake et al. 2018). Recent
estimates of stream and river (hereafter stream) OM transformation, transport, and storage indicate that streams
mineralize a large proportion of terrestrial net ecosystem
production at continental and global scales (Hotchkiss
et al. 2015, Butman et al. 2016, Drake et al. 2018). However,

reach-scale measures of DOM removal, such as dissolved
organic carbon (DOC) decay and uptake velocity, span 10
orders of magnitude (Cory and Kaplan 2012, Mineau et al.
2016, Seybold and McGlynn 2018). Thus, the rate at which
streams process terrestrial DOM remains unconstrained
(Battin et al. 2009, Mineau et al. 2016, Catalán et al. 2018),
and empirical measures of DOM processing are needed to
better model DOM processing at multiple temporal and
spatial scales.
DOM decay is often measured with bioassays, which include any closed-system incubations (e.g., dark bottles, Erlenmeyer ﬂasks) that are used to measure changes in DOM
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concentration or composition over time. Such assays are
problematic because most incubations do not include a proxy
for the benthic or littoral zone of aquatic ecosystems (Catalán
et al. 2016, Mineau et al. 2016, Bengtsson et al. 2018). Sediments at the interface of the water column and deeper sediments, in both streams and lakes, represent hot spots of
microbial density and diversity (Guenet et al. 2010), and benthic habitats contribute to at least half of stream DOM demand (Cory and Kaplan 2012, Risse-Buhl et al. 2012). Further,
bioassay results are difﬁcult to compare across studies because incubation times vary from days to years, and bioassays
may or may not include sediment (van Nugteren et al. 2009),
inorganic substrates (e.g., glass beads; Catalán et al. 2015,
Ward et al. 2016), or aeration to maintain realistic dissolved
oxygen concentrations (Lock and Hynes 1976, Qualls and
Haines 1992). More studies that include ﬂow-through conditions and benthic compartments, such as mesocosms and experimental streams, are needed to put bioassay studies in
context and to constrain realistic DOM decay rates (Mineau
et al. 2016, Halvorson et al. 2019).
Another major shortcoming of bioassays is that they do
not account for the effects of sunlight exposure on DOM
composition. Photodegradation can reduce the molecular
weight of DOM, but the degree of degradation depends on
the chemical composition of the DOM prior to sunlight exposure (Moran et al. 2000, Chen and Jaffé 2014). For example,
the greater the proportion of aromatic content, the greater
the effect of sunlight on bioavailability (Moran et al. 2000,
Tranvik and Bertilsson 2001). However, the highly-variable
chemical composition of DOM has yielded unpredictable
effects of sunlight exposure on DOM lability. Sunlight can
increase (Moran and Zepp 1997), decrease (Tranvik and
Bertilsson 2001), or have no effect (Wiegner and Seitzinger
2001) on DOM bioavailability.
DOM chemical composition mediates microbial consumption of DOM and is, therefore, an important control
of DOM decay (Koehler et al. 2012, Mostovaya et al. 2016).
Most of the freshwater DOM pool is derived from terrestrial
sources, and the remainder is assumed to be derived from
autochthonous sources, i.e., OM produced instream from
bioﬁlms, algae, and macrophytes (Findlay and Sinsabaugh
2003). Terrestrial sources, such as soil and plant leachates,
are typically rich in humic constituents and are considered
less biologically available to stream microbes than autochthonous sources (Findlay and Sinsabaugh 2003). Autochthonous DOM consists of low molecular weight, protein-rich
cellular exudates produced during photosynthesis and is considered one of the primary labile sources of DOM preferred
by microbes (Guillemette et al. 2013). Hereafter, we operationally deﬁne the relative lability of DOM leachates used
in this study as semi-labile for terrestrially-derived DOM
and labile for autochthonously-derived DOM. We avoid the
term recalcitrant because it is controversial (Bengtsson et al.
2018) and because substrate recalcitrance can vary depending

on the microbial assemblage and environmental conditions
(Bengtsson et al. 2014, 2018).
It is important to accurately estimate decay of labile and
semi-labile DOM pools to better understand how interactions
between labile and semi-labile DOM inﬂuence the DOM decay rate. When mixed, these 2 pools are hypothesized to have
non-additive effects on microbial degradation rates (Guenet
et al. 2010, Bengtsson et al. 2018). First reported in soil ecosystems, such effects are traditionally referred to as priming
effects. We use the term non-additive effects as suggested by
Bengtsson et al. (2018) because positive non-additive effects
are overrepresented in the aquatic priming literature, and
we want to reduce potential researcher bias when interpreting
our results. Non-additive effects can be both positive or negative and describe an increase or decrease in the decay rate of
the semi-labile organic matter pool when combined with labile DOM. Positive non-additive effects are expected to occur
in aquatic systems because exudation of low molecular weight,
nutrient-rich compounds produced during photosynthesis
spur microbial consumption of semi-labile substrates (Danger
et al. 2013, Guillemette et al. 2013). Bioassay studies that
added simple compounds (e.g., disaccharides, acetate) and
algal-derived DOM to semi-labile DOM have reported positive non-additive effects (Hotchkiss et al. 2014, Bianchi et al.
2015), while others have found no effect or negative nonadditive effects (Bengtsson et al. 2014, Catalán et al. 2015). It
would be signiﬁcant to quantify positive non-additive effects
in streams because these effects are proposed as a mechanism
to explain the rapid transformation of semi-labile DOM over
short distances in stream networks (Hotchkiss et al. 2014,
Mineau et al. 2016), and it would inform models of ecosystem
organic carbon ﬂux.
Given that positive non-additive effects could be an important mechanism to explain rapid OM processing in
streams, as well as the difﬁculties in quantifying DOM decay
in aquatic ecosystems, this study addressed 2 different but
inextricably-linked questions. First, do laboratory measures
of DOC decay in bioassays and experimental streams reﬂect
reality? For example, are decay rates measured in bioassays
and experimental streams comparable to each other or to
real streams? Second, can non-additive effects of mixing labile and semi-labile DOM be quantiﬁed in laboratory aquatic
systems? To address the 1st question, we conducted 5 singlesource leachate incubations to measure decay of 2 types of
semi-labile DOM (soil and plant leachates) and 3 types of labile DOM (algal-derived leachate, light-degraded plant leachate, and light-degraded soil leachate; Fig. 1). We expected
DOC decay rates to be faster in experimental streams compared to bioassays because of benthic microbial activity in experimental streams. We also expected that terrestrial leachates high in aromatic content would become more labile
when exposed to sunlight as reﬂected by lower aromatic content and faster decay rates. We then compared DOC decay
rates from this study to other published 1st-order decay rates
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Figure 1. Experimental design used to calculate dissolved
organic carbon (DOC) decay rates of algal, soil, light-degraded
soil, plant, and light-degraded plant dissolved organic matter
(DOM; 5 single-source incubations) and calculate positive or
negative non-additive effects on the decay rates of plant DOM
when mixed with algal leachate and light-degraded plant leachate (2 non-additive effects incubations). Four streams were covered to exclude sunlight for the dark treatment, and 4 streams
were left uncovered for the light treatment.

in bioassays and real streams to see if experimental stream
decay rates could constrain estimates of DOM decay in lotic
systems. To address the 2nd question, we conducted 2 nonadditive effects incubations by mixing 2 forms of labile
DOM with semi-labile DOM (Fig. 1). We anticipated that
mixing labile DOM with semi-labile DOM would result in
faster DOC decay rates of the semi-labile pool (i.e., positive
non-additive effects).
M E T HO DS
To address our 1st research question, we conducted a series of 3-d incubations in both experimental streams and
bottle bioassays (hereafter bioassays) with DOM leachates
from either algal, terrestrial, or light-degraded terrestrial
sources. We calculated 1st-order decay coefﬁcients for the
decline in DOC concentrations over time as a proxy for decay of the entire DOM pool. For all incubations we estimated
decay rates after 6, 24, and 70 h because DOC concentrations
are thought to decline very rapidly within the ﬁrst 24 h of incubation (Pollard 2013, Bowen et al. 2019) but are rarely
measured in the 1st few hours of incubations. Then, we compared decay rates and % biodegradable DOC (BDOC) between experimental streams and bioassays in this study
and among decay rates, half-lives, and uptake velocities in
previous studies that estimated DOM decay in bioassays
and real streams. DOM is a complex and variable mixture
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of chemical compounds, so comparison of decay rates to previous studies resulted in evaluation of a wide range of proxies
for labile DOM (e.g., simple sugars, algal leachate) and semilabile DOM (e.g., leaf and soil leachate, humate) as well as
whole samples of naturally-occurring riverine DOM (bulk
DOM).
To address our 2nd question, we ﬁrst conﬁrmed several assumptions required to quantify non-additive effects in experimental streams and bioassays. First, we used Bayesian estimation supersedes the t-test (BEST; Kruschke 2013) to
compare decay rates between labile and semi-labile sources
to conﬁrm that algal and light-degraded semi-labile leachates
did in fact decay faster that semi-labile leachates. Then, we
used ﬂuorescence metrics of DOM to further characterize
DOM leachates as labile or semi-labile based on DOM chemical composition and to characterize changes in DOM composition caused by exposure to sunlight. We also measured
benthic biomass to ensure that any differences in DOM decay were due to differences in the DOM source rather than
variability associated with benthic biomass among experimental streams or among incubations over time. We then
estimated concurrent decay rates of labile and semi-labile
leachates in non-additive effects incubations by ﬁtting 2compartment, bi-exponential and bi-phasic, DOC decay models to the decline in DOC concentrations over time.
Experimental streams
We conducted incubations in 8 experimental streams at
the Cary Institute of Ecosystem Studies Artiﬁcial Stream Facility in Millbrook, New York, USA. Streams were housed in a
greenhouse covered with 8-mm, high-impact, double-skinned
acrylic (Acrylic Building Products, Mississauga, Ontario, Canada) estimated to transmit 84% of photosynthetically-active
radiation. In all incubations, we ﬁlled the ﬁberglass artiﬁcial
streams (4.0  0.3  0.15 m) with 33 L of groundwater that
had low levels of DOC (<1.0 mg/L; Fig. 1). We used stainless steel paddle wheels propelled by Dayton DC gear motors
(Dayton, Niles, Illinois) to circulate water in the streams at
45 rotations/min, yielding a mean water velocity of 0.6 m/s.
We added 40 cobbles, already colonized with periphyton, to
each stream to compare DOC consumption in experimental
streams containing benthic bioﬁlms vs bioassays without bioﬁlms. We collected the cobbles from an open-canopy section
of the East Branch of Wappinger Creek within the Cary Institute of Ecosystem Studies conservation research area. We put
cobbles in streams 48 h prior to the ﬁrst 3-d incubation, and
we used the same cobbles for all seven 3-d incubations.
Leachates
To make algal leachate, we put bioﬁlm-covered cobbles (from East Branch Wappinger Creek) in 19-L buckets,
covered them with groundwater, and scrubbed them to create a bioﬁlm slurry, which we incubated for 1 to 2 h in the

562

|

Labile and semi-labile DOM decay

J. E. Kelso et al.

bucket before ﬁltering. To make soil leachate, we collected
soil by digging 10 to 30 cm into the riparian zone of Wappinger Creek, stirred 4 L of this soil with 10 L of groundwater, and allowed particulates to settle in 19-L buckets for
2 to 4 h prior to ﬁltration. We made plant leachate from
concentrated roasted barley leachate. We chose to use barley because it is readily available, and ongoing work by our
group has shown that aromatic ﬂuorophores in barley leachate are degraded by exposure to sunlight without changing
the DOC concentration. We obtained pre-roasted malt barley from a brewery supply store and made a concentrate by
adding 60 g of ground, roasted barley to 1 L of groundwater.
To make plant leachate, we added 5 mL of this concentrate
to 1 L of groundwater. To make light-degraded soil and
plant leachates, we incubated soil and plant leachates (made
as described above) in 0.5  1.0  0.2-m trays in full sun
for 3 to 4 h. Soil and plant leachates were exposed to sunlight for what we considered the minimum amount of time
DOM would be exposed to natural sunlight in a temperate,
forested stream with a short travel time (<1 d). We used
0.2-lm-pore, in-line cartridge ﬁlters (Waterra Pumps Limited,
Mississauga, Ontario, Canada) to ﬁlter-sterilize all leachates.
Experimental design
We conducted 5 single-source incubations followed by
2 non-additive effects incubations over the course of 22 d in
July 2016. Non-additive effects incubations included 2 sources
of DOM (a labile plus semi-labile source). One bioassay
was incubated in each stream to compare DOC decay in
bioassays and experimental streams during each 3-d incubation (Fig. 1). We chose an incubation period of 3 d because labile DOM is known to decay within days to hours
(Pollard 2013, Bowen et al. 2019). To eliminate production
of labile DOM from photosynthesis during the day and to
ensure DOC concentrations declined over time, we covered
4 experimental streams with cardboard (dark treatment).
The remaining 4 streams were not covered (light treatment).
Streams in the light treatment experienced natural daily ﬂuctuations in sunlight to promote more realistic decay rates
than in the dark treatment. Temperature, which was monitored every 15 min with miniDOT loggers (Precision Measurement Engineering, Vista, California), ranged from 15 to
357C in dark streams and 13 to 367C in light streams.
At the beginning of single-source incubations, we added
12 L of ﬁlter-sterilized leachate resulting in 26% of total
stream volume as leachate (Fig. 1). We added leachates
at sunset to maximize the duration of darkness at the beginning of each incubation to avoid excessive DOC production from photosynthesis in the light treatment. After adding leachate and allowing it to mix in the stream,
we set up bioassays by ﬁlling 500-mL amber bottles with
experimental stream water and placing 1 bottle in each
stream for the remainder of the incubation period. We
conducted single-source incubations in the following or-

®

der: algae, soil, light-degraded soil (SoilLight), plant, and
light-degraded plant (PlantLight). The algal leachate incubation was conducted ﬁrst because it took much less time
to prepare and ﬁlter algal leachate compared to soil leachate. Light-degraded incubations were conducted after nonlight degraded incubations because leachate needed several
hours of sunlight exposure prior to incubations. Between
each 3-d incubation, experimental streams were drained
and ﬁlled with groundwater to begin the next incubation.
Following single-source incubations, we conducted two
3-d incubations in both experimental streams and bioassays
where we mixed 2 forms of labile DOM (algal and PlantLight DOM) with semi-labile plant DOM. We used plant
leachate as the semi-labile source of DOM in non-additive
effects incubations because roasted barley produced a more
homogenous and replicable DOC source than soil. In addition, single-source soil leachate incubations only reached
maximum concentrations of ∼4 mg/L DOC, so it was difﬁcult to detect substantial declines in DOC concentrations
and estimate decay rates (Fig. S1). For each non-additive
effect incubation, we mixed 10 L of plant leachate with
4 L of labile DOM, either as algae (PrimeAlgae incubation)
or light-degraded plant leachate (PrimeLight incubation).
In all incubations we sampled DOC prior to adding leachate and 1, 3, 6, 24, and 70 h after leachate additions (Fig. 1).
We used a 60-mL plastic syringe to sample bioassays and experimental streams at the same times. We ﬁltered all samples
with 0.7-lm glass-ﬁber ﬁlters (Whatman GF/F; Maidstone,
United Kingdom) into 40-mL amber vials and acidiﬁed the
ﬁltrate with an aliquot of concentrated HCl to a pH of 2.5
for storage until carbon analysis. Acidiﬁed DOC samples
were run on a Shimadzu TOC-L analyzer (Shimadzu Corporation, Kyoto, Japan) via catalytic oxidation combustion at
7207C (method detection limit: 0.62 mg/L DOC).

®

™

BDOC in bioassays and experimental streams
We calculated BDOC, which represents total DOC loss
over the incubation period, as the % loss in DOC concentration from 3 to 70 h (Fellman et al. 2008). We calculated
BDOC from 3 to 70 h because DOC concentrations increased for the ﬁrst 3 h of all bioassays except the PlantLight
and PrimeAlgae incubations (Fig. S1). These increased concentrations were likely due to cell lysis and DOM production
similar to previous DOM bioassay studies (e.g., Hosen et al.
2014, Bianchi et al. 2015). We tested for differences among
leachate BDOC in bioassays and experimental streams with
the Kruskal–Wallis rank sum test followed by post-hoc comparisons with pairwise Wilcoxon rank sum tests because
these tests are most appropriate for nonparametric data.
Kruskal–Wallis and Wilcoxon rank tests were done in R
(version 3.6.1; R Project for Statistical Computing, Vienna,
Austria) with the stats package. We used the rstatix package
(version 0.5.0; Kassambara 2020) to calculate eta squared
(g2), a measure of effect size.
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DOC decay in bioassays and experimental streams
We assumed single-source decay would ﬁt a 1st-order decay model and mixed incubations of labile and semi-labile
DOM would ﬁt 2-compartment decay models. We estimated
decay coefﬁcients with Bayesian parameter estimation for
2 reasons. First, unlike null hypothesis testing, Bayesian parameter estimation produces posterior probability distributions, which include a highest density interval (HDI)
that represents the most credible values of the parameter
(Kruschke 2013). The difference in HDIs of 2 parameters represents an effect size and can be interpreted as the magnitude
of difference in the parameters (Kruschke 2013). Comparisons of the effect size between labile and semi-labile decay
rates allowed us to interpret decay rates calculated for labile
DOM as a little faster, or a lot faster, than semi-labile decay
rates. In contrast, null hypothesis testing produces a p-value,
which only allows the conclusion that decay rates were or
were not signiﬁcantly different. Second, by using Bayesian
parameter estimation for 2-compartment decay models, we
could use decay rates calculated from single-source models
to inform parameter estimation in 2-compartment models,
thereby improving model ﬁt with prior information.
Single-source DOC decay incubations We calculated decay rates for all incubations after 6, 24, and 70 h. Singlesource decay rate constants were estimated with Bayesian
parameter estimation with the following equation:
Ct 5 C0 e2ktot t

(Eq. 1),

where k is the decay rate with unit 1/d, and C0 and Ct represent DOC concentrations at the start and end of the
period over which total decay (–ktot) was calculated over
time (t).
Comparison of DOC decay among bioassays,
experimental streams, and real streams
To put DOC decay rate constants calculated for bioassays and experimental streams in context with DOC decay
measured in real streams, we transformed DOC decay rate
constants to half-lives and uptake velocities. We converted
decay rates to half-lives because we considered half-lives a
more intuitive metric of DOC loss over time than decay
rates (e.g., units of 1/d for decay rates vs days for half-lives),
and half-lives simplify comparisons of OM loss over time
among different aquatic and terrestrial ecosystems (e.g.,
Catalán et al. 2016). Uptake velocities transform decay rate
constants to a carbon-demand metric speciﬁc to streams
that describe the rate of OM transformation with distance
downstream and are often calculated to compare streams
that vary in size (Webster and Valett 2007). We calculated
half-lives by dividing the natural log of 2 by the decay rate
constant. We calculated uptake velocities (Vf) for experimental streams and bioassays by dividing experimental
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stream depth, z (0.07 m), by the decay rate of DOC (Webster and Valett 2007):
Vf 5 zk 21

(Eq. 2).

We used BEST tests (Kruschke 2013) in R to compare
BDOC, decay rate constants, half-lives, and uptake velocities between bioassays and experimental streams in this study.
We considered DOC demand metrics to be different if the
difference in 95% HDIs did not include 0 (Kruschke 2013).
To compare our bioassay and experimental stream results
to real streams, we extracted DOM decay rates from 2 previous papers that compared DOM decay rates for real streams
and bioassays (Mineau et al. 2016, Catalán et al. 2018) as
well as 5 additional papers that calculated DOM decay or
DOM uptake velocities of riverine DOM (Guillemette and
del Giorgio 2011, Parr et al. 2015, Epstein et al. 2016, Logue
et al. 2016, Ward et al. 2016; Table S2). We classiﬁed decay
rates as labile or semi-labile based on descriptions in the
study, and we classiﬁed bulk DOM as semi-labile. For experimental stream estimates of DOM decay, we averaged 1storder decay estimates for all 8 streams, or 8 bottle bioassays,
calculated over 6, 24, and 70 h (Table S2). We excluded averaged decay rates estimated from single-source incubations
from the comparison if the coefﬁcient of variation (CV) among
8 experimental streams or 8 bioassays within an incubation
was >100%. This approach allowed us to use only the most
precise estimates of 1st-order decay from this study for comparison to previously-reported DOM demand metrics. We
tested for differences among DOC demand metrics among
the 3 methods (i.e., bioassays, experimental streams, and real
streams) with a Kruskal–Wallis rank sum test followed by
post-hoc comparisons made with pairwise Wilcoxon rank
sum tests because these tests are most appropriate for nonparametric data. We ran Kruskal–Wallis and Wilcoxon rank
tests in R with the stats package and calculated g2 with the
rstatix package (Kassambara 2020).
Conﬁrmation of assumptions needed to quantify
non-additive effects
Labile vs semi-labile decay rates We used the difference
in decay rates for labile and semi-labile DOM estimated
from single-source models to conﬁrm that labile sources
of DOM (algae, SoilLight, PlantLight) decayed faster than
semi-labile sources (soil, plant). We calculated the difference by subtracting the 95% HDI of semi-labile DOM from
the 95% HDI of labile DOM. If the median difference was
greater than 0, we considered the decay rates substantially
different (Hotchkiss et al. 2014).
DOM composition and lability characterized by ﬂuorescence
We sampled ﬁltered water from streams and bioassays for
spectroﬂuorometric analysis after 1, 24, and 70 h with the
same methods used to sample DOC, except ﬂuorescence
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samples were not acidiﬁed. We collected excitation emission matrices (EEMs) on an Aqualog scanning spectroﬂuorometer (HORIBA Scientiﬁc, Kyoto, Japan). We used
ﬂuorescence to assess changes in DOM character through
each 3-d incubation and to calculate DOM ﬂuorescence indices that characterized DOM as either microbial or humiclike and, therefore, more labile or semi-labile, respectively.
EEMs were collected in a 1-cm quartz cuvette over excitation
wavelengths from 248 to 830 nm at 6-nm increments and
over emissions 249.4 to 827.7 nm at 4.7-nm (8 pixel) increments. We collected all samples in ratio mode (S/R) and ran
them at an integration time resulting in a maximum emission intensity of 5000 to 50,000 counts/s (per manufacturer
instructions; R. Cory, University of Michigan, personal communication). We used deionized water to dilute samples that
exceeded 0.3 absorbance at excitation 254 nm. We corrected
all samples for inner ﬁlter effects and Rayleigh scatter and
blank subtracted them in MATLAB (version 6.9; MathWorks, Natick, Massachusetts) as described in Murphy et al.
(2013).
From EEMs, we calculated the ﬂuorescence index (FI), b:a
index or freshness index (BIX), humiﬁcation index (HIX),
and peak T to peak C ratio (TC). High vs low FI values indicate microbial vs terrestrially-derived DOM (Cory and
McKnight 2005). Greater values of the BIX indicate more
recently-derived DOM (Parlanti et al. 2000), and greater
HIX values indicate more humic-like DOM (Zsolnay et al.
1999). The TC index represents the ratio of the protein-like
peak (T) to humic-like peak (C) intensities (Baker 2001). We
calculated speciﬁc ultraviolet absorbance (SUVA), an indicator of DOM aromatic content, by normalizing the absorbance at 254 nm by the DOC concentration of each sample
(Weishaar et al. 2003).
To assess changes in DOM throughout each incubation
(e.g., a decline in humic-like components due to light exposure), we used parallel factor analysis (PARAFAC) to identify
ﬂuorescence components of DOM. PARAFAC decomposes
a collection of EEMs into groups of organic compounds with
similar ﬂuorescent characteristics (Stedmon and Markager
2005). We used the drEEM toolbox in MATLAB following Murphy et al. (2013) to create a PARAFAC model with
213 EEMs. We then validated the model with split-half analysis and compared resolved components to previously-found
ﬂuorophores in the open source library OpenFluor with
Tucker’s congruence coefﬁcients >0.95 (Murphy et al. 2014).
We used Pearson’s correlations in R with the psych package
(version 1.7.8; Revelle 2017) to correlate the percentage of each
PARAFAC component with ﬂuorescence indices.
We ran 10 linear models to identify incubations that best
described variation in ﬂuorescence indices and PARAFAC
components. Linear models tested the ﬁxed effects of:
1) leachate incubation, 2) leachate incubation plus bottles
vs streams, 3) leachate incubation plus light streams vs
dark streams, and 4) the interaction of leachate incubation

®

and light vs dark streams. We used samples collected after 70 h to assess differences in ﬂuorescence indices and
PARAFAC components because that is when differences
were greatest. We calculated Bayes factors to identify the
linear model that best described variation in dependent
variables. The Bayes factor (B01) can be generalized as the
probability ratio between 2 models (M0, M1):
B01 5

PrðDatajM0 Þ
PrðDatajM1 Þ

(Eq. 3).

We calculated Bayes factors with the R package BayesFactor (version 0.9.12-2; Rouder et al. 2012) for models normalized by the effect of incubation alone. Once the linear
model that best described variation in dependent variables
was identiﬁed through comparison of relative Bayes factors,
we tested differences in ﬂuorescence metrics among incubations with Tukey honestly signiﬁcant difference (HSD)
comparison because residuals were normally distributed.
Tukey HSD multiple means comparisons were conducted
with the stats package.
Benthic biomass We characterized periphyton biomass by
measuring the concentration of chlorophyll a (Chl a) and
ash-free dry mass (AFDM) of periphyton slurry and normalizing it to cobble area. To collect periphyton biomass, we
took 1 cobble from each experimental stream after 1, 24,
and 70 h, scrubbed it with a toothbrush, and washed it with
an aliquot of groundwater. We ﬁltered a 3-mL subsample of
periphyton slurry from each cobble through GF/F ﬁlters and
analyzed the ﬁltrate for Chl a and AFDM following Steinman et al. (2007). We normalized Chl a and AFDM by the
area (cm2) of each cobble sampled. We tested differences in
AFDM and Chl a among leachate incubations with a 1-way
analysis of variance (ANOVA), g2 effect size, and Tukey
HSD post-hoc tests because data were normally distributed
with equal variances. We did 1-way ANOVAs and posthoc tests in R with the stats package (R Core Team 2019)
and calculated g2 with the sjstats package (version 0.17.9,
Lüdecke 2020).
Quantiﬁcation of non-additive effects
We did not know if the DOC decay of mixed labile and
semi-labile pools would better ﬁt a model of simultaneous
2-compartment decay, as in a biexponential model (e.g.,
Hotchkiss et al. 2014), or sequential 2-compartment decay,
as in a biphasic model (e.g., Eichmiller et al. 2016, Brouwer
et al. 2017), so we estimated labile and semi-labile decay coefﬁcients with both biexponential and biphasic decay models. The biexponential decay model assumed the labile (kfast)
and semi-labile (kslow) pools of DOC decayed simultaneously starting at time 0 (t0):
Ct 5 p1 C1ðt0Þ e2kfast t 1 p2 C2ðt0Þ e2kslow t

(Eq. 4),
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where Ct is the total concentration of both labile (C1) and
semi-labile (C2) pools at the start of the incubation, and
p1 and p2 are the proportional volumes of each leachate
(Hotchkiss et al. 2014; Appendix S3).
The biphasic decay model assumed there was a fast period of decay followed by a slow period of decay (Eichmiller
et al. 2016, Brouwer et al. 2017). For the biphasic model, kfast
was estimated with 1st-order exponential decay up to a
breakpoint at time t* (Eq. 5), and kslow was estimated for
the period of decay after the breakpoint with the value estimated for kfast prior to the breakpoint (Eq. 6; Appendix S3).

September 2020

|

565

(Eq. 6)

2013) using Markov Chain Monte Carlo sampling from a prior
distribution informed by the results of the single-source
incubations. We ran each model for 150,000 iterations using
3 different starting values for each chain, and the ﬁrst 10,000
samples were not included in parameter estimation. We assessed model ﬁt through linear regression of measured versus
predicted values of DOC concentrations at the last modeled
time point (Hotchkiss et al. 2014).
To test if positive non-additive effects were signiﬁcant
(i.e., positive priming effect), we subtracted the 95% HDI
for single-source plant DOC decay ktot from the 95% HDI
of the slow decay compartment (kslow). If the median difference in the 95% HDI of the 2 distributions (kslow 2 ktot) was
>0, we considered it to be a positive non-additive effect
(Hotchkiss et al. 2014).

Using traditional methods of breakpoint analysis (e.g.,
segmented or changepoint analysis), there were not enough
time points to identify the breakpoint between fast and slow
periods of decay. Therefore, we estimated breakpoints visually from raw DOC concentrations plotted over 70 h.
We estimated the decay rates of each compartment with
Bayes rule where the posterior probability distribution of kfast
and kslow, given the DOC data, is proportional to the product
of the likelihood of the decay model and the prior probability
distributions of the decay parameters (Hotchkiss et al. 2014).
The posterior probability distributions of kfast and kslow were
simulated with the rjags package (version 4.2.0; Plummer

R E S U LT S
BDOC in bioassays and experimental streams
Overall, % BDOC was 30% greater in experimental
streams (mean 52.6% ± 20.3 standard deviation [SD]) than
bioassays (mean: 22.8% ± 12.3 SD; BEST 95% HDI 5 22.6–
36.7%; Fig. 2). Soil leachate BDOC in experimental streams
(mean: 28.2 ± 18.3% SD) was lower than all other experimental stream BDOC values, which had means that ranged
from 50.5 to 58.2% (Kruskal–Wallis ANOVA, df 5 4, v2 5
45.66, p < 0.01, g2 5 0.44). Algal leachate BDOC (mean:
33.9 ± 4.7%) was greater than plant leachate BDOC (9.7 ±
15.1%), but there were no differences in BDOC among

C t* 5 C0 e2kfast t t < t *
Ct 5 C0 e

2kfast t * 2kslow ðt2t *Þ

e

(Eq. 5)
t > t*

Figure 2. Comparison of biodegradable dissolved organic carbon (BDOC) between bottle bioassays (open boxes, n 5 8) and experimental streams (gray boxes, n 5 8) with algal, soil, light-degraded soil (SoilLight), plant, and light-degraded plant (PlantLight) leachates. Boxes
represent the median and interquartile range, whiskers represent the 2.5 to 97.5 percentile range, and dots are outliers.
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other leachate BDOC values in bioassays (Kruskal–Wallis
ANOVA, df 5 4, v2 5 37.59, p < 0.01, g2 5 0.46).
DOC decay in bioassays and experimental streams
We excluded the average decay rates from some singlesource incubations because the CV was >100% for 2 experimental stream decay rates calculated after 24 h (SoilLight
CV: 128%, Soil CV: 287%) and 4 bottle decay rates (Plant–
24 h CV: 183%, Soil–70 h CV: 377%, SoilLight–6 h CV:
612%, PlantLight–70 h CV: 331%). DOC decay rates from
single-source incubations of experimental streams in this
study (n 5 13, median: 0.23/d ± 0.89 SD) were not different
from decay rates of bottle bioassays (n 5 11, median: 0.19/d ±
0.53 SD; BEST 95% HDI 5 20.43–0.90%). Likewise, DOC
half-lives (median: 1.49/d ± 2.78 SD), and uptake velocities
(median: 0.01 mm/min ± 0.04 SD) in experimental streams
were not different from bioassay half-lives (median: 2.74 d ±
4.92 SD; BEST 95% HDI 5 26.76–2.79%) or uptake velocities
(median: 0.01 mm/min ± 0.03 SD; BEST 95% HDI 5 20.22–
0.04%).
Comparison of DOC decay among bioassays,
experimental streams, and real streams
We compared DOC decay rates, half-lives, and uptake velocities among 3 methods (bioassays, experimental streams,
and real streams) used to measure DOC demand in the literature. However, the number of studies that used each
method varied greatly (Table S2). Of the 3 methods we compared, the most common DOC demand metric reported was

uptake velocity of labile DOC additions to real streams (n 5
79; Table 1), and most labile DOC additions were in the form
of simple compounds including glucose, arabinose, and
sucrose (76 of 79 measurements; Table S2). There were only
2 studies that reported uptake velocities of labile leachates
created with naturally-occurring sources of DOM (manure:
0.31 mm/min, ﬁsh carcass leachate: 3.78 mm/min; Mineau
et al. 2016). Decay rates of semi-labile DOC in bioassays were
the next most commonly reported metric (n 5 32), followed
by semi-labile uptake velocities from bioassays (n 5 19). Experimental streams were the least reported method because
ours was the only experimental stream study included in the
comparison.
In general, metrics of DOC loss were greater in real
streams compared to experimental streams and bioassays.
For example, mean decay rates and uptake velocities of
DOC were at least an order of magnitude faster in real
streams compared to bioassays and experimental streams
(Table 1). Lower mean decay rates in experimental streams
and bioassays may have been due to the inclusion of several
negative decay rates (bioassays: n 5 2, experimental streams:
n 5 3), which indicated that measures of DOC loss also included DOC production. Transformation of decay rates to
half-lives resulted in experimental stream DOC loss rates that
were more similar to real streams than bioassays (Table 1).
For example, in streams, mean labile DOC decay rates
(60.48/d ± 39.7 SD) and uptake velocities (3.25 mm/min ±
4.1 SD) were faster than labile DOC decay rates (0.98/d ±
2.5 SD) and uptake velocities (0.04 mm/min ± 0.03 SD)

Table 1. Kruskal–Wallis rank sum comparisons of mean and standard deviation for dissolved organic matter (DOM) demand in
bioassays, experimental streams, or real streams. Comparisons were conducted for 2 categories of DOM bioavailability, either labile or
semi-labile DOM. Models were evaluated for an a value of 0.05, and eta-squared (g2) effect sizes were considered large if >0.26
(Cohen 1988). Letters a and b represent differences detected by pairwise Wilcoxon rank sum tests among the 3 methods. See Table S2
for references of previous studies. n 5 number of streams.
Category and effect

n

Decay (1/d)

n

Labile
Bioassays
Experimental streams
Streams
Kruskal–Wallis

14
8
11

0.98 ± 2.50
0.88 ± 1.10
60.48 ± 39.7
v2 5 21.43
p < 0.01
g2 5 0.65

a
a
b

4.82 ± 5.91
1.26 ± 1.90
0.03 ± 0.02
v2 5 15.40
p < 0.01
g2 5 0.45

a
ab
b

12
8
79

0.04 ± 0.03
0.04 ± 0.05
3.25 ± 4.07
v2 5 47.77
p < 0.01
g2 5 0.20

a
a
b

Semi-labile
Bioassays
Experimental streams
Streams
Kruskal–Wallis

32
5
14

0.05 ± 0.20
0.04 ± 0.21
0.32 ± 0.23
v2 5 16.01
p < 0.01
g2 5 0.29

a
a
b

82.6 ± 173.01
21.77 ± 9.93
4.99 ± 5.56
v2 5 16.75
p < 0.01
g2 5 0.35

a
a
a

19
5
15

0.02 ± 0.02
0.01 ± 0.01
0.26 ± 0.28
v2 5 16.75
p < 0.01
g2 5 0.69

a
a
b

Half-life (d)

Uptake velocity (mm/min)
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incubated in bioassays, but mean labile DOC half-lives for experimental streams (1.26 d ± 1.9) were more similar to real
streams (0.03 d ± 0.02) than to bioassays (4.82 d ± 5.91).
Conﬁrmation of assumptions needed to quantify
non-additive effects
Labile vs semi-labile decay rates To conﬁrm that labile
DOM sources (algae and light-degraded) had faster decay
rates than semi-labile DOM sources (soil and plant), we
tested the difference between labile and semi-labile decay
rates estimated with 1st-order decay from single-source incubations. Mean DOC decay rates of light vs dark treatments of experimental streams were not different after
6 h (HDI: 22.61, 3.96), 24 h (20.99, 0.45), or 70 h (20.38,
0.23; Fig. S4). Therefore, we assessed decay rates among
treatments for all 8 streams combined.
Differences in labile and semi-labile DOM sources were
always greatest within the ﬁrst 6 to 24 h of single-source
incubations (Tables 2, S5). For example, algal DOC decay
rates were always at least 2 faster than soil and plant
DOC decay rates in both bottles and experimental streams,
except after 70 h, when algal decay rates were slower in experimental streams (Tables 2, S5). Light-degraded plant
DOC decay rates were faster than soil and plant decay rates
over the ﬁrst 6 h of incubations in both bottles and experimental streams but were not different after 24 and 70 h.
DOM composition and lability characterized by ﬂuorescence
We calculated ﬂuorescence indices to characterize DOM
from different leachates as labile or semi-labile and to identify changes in DOM composition due to exposure to sunlight or differences in light and dark treatments across all
incubations. We compared ﬂuorescence indices from the
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last time-point (70 h) of each incubation because that is
when differences among leachate DOM composition were
greatest. Bayes factors indicated that leachate source explained the most variation in BIX, HIX, and TC ﬂuorescence metrics, while FI and SUVA values were best explained by the interaction of leachate source and light vs
dark experimental stream treatment (Table S6). The FI values were greater in light experimental streams (mean:
1.65 ± 0.09 SD) than dark experimental streams (1.61 ±
0.09) indicating more microbially-derived DOM in light
streams (Fig. 3, Table S6). SUVA and HIX values were lower
in the SoilLight (SUVA mean: 2.44 ± 0.23 SD; HIX: 4.94 ±
0.68) incubation than the soil incubation (SUVA: 2.7 ± 0.23;
HIX: 6.20 ± 0.26), indicating a decrease in aromatic content
of soil-derived DOM after exposure to sunlight (Fig. S7, Table S6). Likewise, indices of recently derived DOM (BIX)
and protein-like DOM (TC) were greater in the SoilLight
(BIX: 0.76 ± 0.02; TC: 0.57 ± 0.09) than soil incubation
(BIX: 0.70 ± 0.01; TC: 0.46 ± 0.03; Fig. S7, Table S6). SUVA
values indicated plant DOM had lower aromatic content
(mean: 0.63 ± 0.19) than algal (3.02 ± 2.9) and soil-derived
DOM (2.6 ± 0.29; Fig. 3).
To identify major ﬂuorophores, we resolved a 5component PARAFAC model (hereafter C1–C5) and validated it with split-half analysis (Fig. S8). C1 through C5
were at least 95% identical to ﬂuorophores identiﬁed within
the OpenFluor library (Murphy et al. 2014). C1, C2, and C3
were described as humic-like in previous studies and this
study (Table 3). Earlier studies described C4 as recently or
microbially derived (Murphy et al. 2013). In this study, %
C4 was greatest for plant-derived DOM (Fig. 4), which
had less aromatic content (i.e., lower SUVA values) than soil
DOM (Fig. 3). Also, plant-derived DOM was more recently
derived than soil DOM, as indicated by greater BIX values

Table 2. Single-source dissolved organic carbon (DOC) decay rates (1/d) calculated after 6, 24, and 70 h using 1st-order decay models
in bottle bioassays and experimental streams. Leachates were made by mixing groundwater with algae, soil, or roasted barley (Plant)
and ﬁltering leachates through 0.2-lm ﬁlters. Labile leachates included algal, light-degraded soil (SoilLight) and light-degraded plant
leachate (PlantLight). Values are reported with the mean (n 5 8) ± standard deviation. Positive values represent decay, and negative
values indicate no decay or DOC production.
Incubation time period
Bottles
Decay rate after 6 h
Decay rate after 24 h
Decay rate after 70 h
Mean of 3 time periods
Experimental streams
Decay rate after 6 h
Decay rate after 24 h
Decay rate after 70 h
Mean of 3 time periods

Algae

Soil

1.17 ± 0.64
0.27 ± 0.09
0.09 ± 0.03
0.51

0.53 ± 0.3
0.13 ± 0.03
<0.01 ± 0.03
0.22

2.06 ± 0.66
0.39 ± 0.13
0.23 ± 0.06
0.89

20.32 ± 0.26
20.02 ± 0.04
20.04 ± 0.02
20.13

SoilLight

Plant

PlantLight

0.06 ± 0.36
0.20 ± 0.04
0.07 ± 0.01
0.11

20.72 ± 0.45
0.10 ± 0.18
0.05 ± 0.04
20.19

1.31 ± 0.95
20.09 ± 0.08
<0.01 ± 0.03
0.41

0.25 ± 0.17
20.27 ± 0.35
0.20 ± 0.08
0.06

0.21 ± 0.07
0.12 ± 0.02
0.25 ± 0.02
0.19

1.54 ± 0.74
20.32 ± 0.26
0.23 ± 0.02
0.48
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of all incubations, except the algae incubation, indicating C2 was susceptible to light degradation (Fig. 4). The
greatest concentrations of C3 were in the soil and SoilLight
incubations (range: 23–29%) and were associated with older
humic DOM because C3 was positively correlated with the
HIX and SUVA (r 5 0.64 and 0.75, respectively; Fig. S9). C3
appeared to be produced from light exposure because it increased in proportion to other components in the light
streams of all plant incubations (Fig. 4). C3 in plant incubations appeared to be the inverse of C2, but there is no way to
know if the inverse relationship represents a transformation
of C2 to C3 through microbial activity or is a result of mathematically constraining ﬂuorophores to 5 components. C4
had highest concentrations in plant incubations (range:
24–31%) and was negatively correlated with the HIX and
SUVA (r 5 20.72 and 20.81, respectively; Fig. S9). C5,
the protein-like component, declined in all incubations except for the soil incubation, which had the lowest % protein
out of all incubations (range: 10–16%).

Figure 3. Comparison of ﬂuorescence index (FI) and speciﬁc
ultraviolet absorbance at 254 nm (SUVA) values between bottle
bioassays (black boxes, n 5 8), dark experimental streams (gray
boxes, n 5 4), and light experimental streams (open boxes, n 5 4)
among single-source and non-additive effects incubations. Singlesource incubations were conducted ﬁrst with algal, soil, lightdegraded soil (SoilLight), plant, and light-degraded plant
(PlantLight) leachates, followed by non-additive effects incubations where plant leachate was mixed with algal leachate
(PrimeAlgae) or light-degraded plant leachate (PrimeLight). Boxes
represent the median and interquartile range, whiskers represent
the 2.5 to 97.5 percentile range, and dots are outliers. Letters indicate mean FI and SUVA values that differed based on Tukey
honestly signiﬁcant difference multiple comparison of means.

(Fig. S7). C5 was protein-derived, tryptophan-like DOM in
both this and previous studies (Coble 1996, Yamashita
and Tanoue 2003; Table 3).
Bayes factors were greatest for linear models that only
included leachate source as an explanatory variable, indicating leachate source (e.g., algae, soil, plant) best described
variation in % PARAFAC components regardless of incubation in bottles vs experimental streams or light vs dark
treatments (Table S6). However, for C2, the linear model
that included the explanatory variables of dark vs light experimental streams, bottle vs stream, and the interaction of
the 2 variables had the highest Bayes factor which was 3 orders of magnitude higher than the 2nd-highest Bayes factor
(Table S6). Percent C2 was lower in light streams at the end

Benthic biomass We did not detect differences across incubations in benthic biomass measured as AFDM, which
conﬁrmed that biomass was not a factor in differences in decay rates among incubations (1-way ANOVA, F6,48, g2 5
0.09, p 5 0.56; Fig. S10). Chl a concentrations normalized
to cobble area were higher in soil leachate incubations compared to all other leachate incubations (1-way ANOVA,
F6,48, g2 5 0.38, p < 0.01; Fig. S10).
Quantiﬁcation of non-additive effects
Non-additive effects in bioassays Variation in singlesource estimates of plant leachate decay in bottles was extremely high (CV mean: 111%) compared to experimental
streams (20%; Table 2, Fig. S1). Therefore, we could not
calculate meaningful effect sizes for non-additive effects
in bottles, and we do not discuss such effects further.
Algal plus plant leachate non-additive effects The 2 models we used to quantify non-additive effects produced inconsistent estimates of non-additive effects when algal and plant
leachates were mixed (PrimeAlgae). The biexponential models estimated negative non-additive effects on semi-labile
DOC decay, whereas the biphasic model estimated a range
of negative to positive non-additive effects (Table 4). The
PrimeAlgae biphasic model had a better ﬁt than the biexponential model, as indicated by regressions between predicted and modeled DOC concentration (Table 4). A positive
non-additive effect was detected with the biphasic model, but
the median effect size was very small (0.032/d) and unconstrained, as demonstrated by a wide-ranging HDI that included values an order of magnitude greater than the median
effect size (HDI: 20.041–0.134). Wide-ranging effect sizes
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Table 3. Descriptions of 5 components (C1–C5) identiﬁed by PARAFAC and had a Tucker’s congruence coefﬁcient >0.95 with components in the OpenFluor library (Murphy et al. 2014). Excitation (EX) and emission (EM) wavelengths are the unique wavelength
where the corresponding component had maximum ﬂuorescence intensity. Humic-like components are considered semi-labile,
whereas recently-derived, microbially-derived, protein-like, and tryptophan-like components are considered labile sources of DOM.
Component

EX (nm)

EM (nm)

References

C1
C2

340
255–260

435–440
495–500

C3

248

430–440

C4

315

385–390

C5

278

330–335

Osburn et al. 2011
Stedmon and Markager 2005,
Yamashita et al. 2008
Shutova et al. 2014,
Osburn et al. 2016
Osburn et al. 2011,
Shutova et al. 2014
Coble 1996, Yamashita
and Tanoue 2003

may have been due to difﬁculty in estimating decay rates of
the labile DOM pool in some streams. For example,
biexponential estimates of kfast for algal leachate were slower
(mean: 0.12/d ± 0.05 SD after 70 h) than estimates of kslow
(mean: 2.55/d ± 2.14 SD after 70 h).

Reference description
Humic-like
Humic-like
Humic-like
Recently derived or
microbially-derived
Protein-like, tryptophan-like

Our description
Humic-like
Humic-like, susceptible to
light degradation
Humic-like, product of
light degradation
Recently derived, terrestrial
Protein-like

Light-degraded plant plus plant leachate non-additive
effects In the PrimeLight incubation, the 6-h biexponential
model and the biphasic model both predicted a positive nonadditive effect of light-degraded plant DOM on plant leachate (Table 4). The 6-h biexponential model had the greatest

Figure 4. Percent ﬂuorescence contribution for components 2 through 5 (C2, C3, C4, C5) after 1, 24, and 70 h. Black lines and
circles represent streams covered to exclude sunlight (dark streams; n 5 4); dashed lines and white circles represent streams left
uncovered (light streams; n 5 4). C1 was humic-like and did not change over the course of each incubation (not shown). C2 and C3
were humic-like, C4 was recently-derived humic-like, and C5 was protein-like (Table 3).
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Table 4. Estimated mean and standard deviation of decay rates (1/d) for the labile (kfast) and semi-labile (kslow) pools of DOM in the
PrimeAlgae and PrimeLight incubation at 6, 24, and 70 h. Biexponential models were ﬁt with Eq. 4 (Ct 5 p1 C1ðt0 Þ e2kfast t 1 p2 C2ðt0 Þ e2kslow t )
and biphasic models were ﬁt with Eq. 5 (C t * 5 C0 e2kfast t ) and Eq. 6 (Ct 5 C0 e2kfast t * e2kslow t2t * ), where C0 and Ct represent DOC concentrations of both labile (C1) and semi-labile (C2) pools at the start and end of the period, t represents time, t* represents a breakpoint, and p1
and p2 are the proportional volumes of each leachate. Model ﬁt was assessed through linear regression of measured vs modeled ﬁnal DOC
concentrations. The highest density interval (HDI) of effect size was calculated as the difference in the HDI of the posterior probability
distribution of kslow and single-source estimates of plant decay ktot where a positive median effect size indicated a positive non-additive
(priming) effect.
Incubation type
PrimeAlgae

PrimeLight

a
b

Model

t
(h)

kslow
mean (1/d)

Biexponential
Biexponential
Biexponential
Biphasic
Biexponential
Biexponential
Biphasic

6
24
70
70
6
24
24

1.25, 2.88
1.73, 1.89
2.55, 2.14
ﬁxed 5 0.31a
3.19, 2.67
2.68, 2.32
ﬁxed 5 2.0b

kfast
mean (1/d)

Model ﬁt
slope, r 2

21.23,
0.06,
0.12,
0.28,
5.37,
4.52,
1.05,

0.36,
0.11,
0.13,
0.43,
0.20,
0.42,
0.55,

0.31
0.15
0.05
0.06
2.18
3.96
0.96

0.94
0.61
0.95
0.88
0.56
0.13
0.83

2.5%

Effect size
50%

97.5%

21.835
20.258
20.180
20.041
1.655
24.252
20.764

21.459
20.068
20.136
0.032
4.931
4.634
0.880

20.887
0.235
20.037
0.134
9.871
11.702
2.990

kfast was ﬁxed at 0.31/d, which was estimated from time 0 to the breakpoint at 0.5 d with Eq. 5.
kfast was ﬁxed at 2.0/d, which was estimated from time 0 to the breakpoint at 0.25 d with Eq. 5.

median effect size of 4.93/d (HDI: 1.65, 9.87). However, despite a positive median effect size, biexponential model estimates of both fast and slow decay rates were highly variable
(CV mean: 123%). The biphasic model also had a large effect
size, but effect size estimates were wide ranging as indicated
by the broad posterior probability density around the median
of 0.88/d (HDI: 20.76, 2.99).
DISCUSSION
Our 1st goal was to quantify DOM decay in bioassays and
experimental streams to put laboratory estimates of decay
in context with real streams. BDOC was lower in bioassays
compared to experimental streams in this study, but other
metrics of DOM demand, such as decay rates, half-lives,
and uptake velocities, were lower in bioassays and experimental streams compared to real streams. Our 2nd goal was
to quantify non-additive effects in bioassays and experimental streams when labile and semi-labile sources of DOM
were mixed. We found the magnitude of non-additive effects
depended on the length of time over which decay rates were
calculated, suggesting DOM decay rates were not constant
over time. Therefore, models that assume a constant decay
rate (e.g., 1st-order decay) may not be the best models to describe DOM demand in streams, especially over short time
periods (i.e., <3 d).
Bioassays and experimental streams may underestimate
DOC demand in real streams
Mean BDOC in experimental streams was 2 greater
than in bottle bioassays in this study, which suggests bioassays underestimated DOC demand compared to experimental streams. Experimental stream BDOC in this study

(mean: 52.6% ± 20.3 SD) was greater than BDOC measured
in bioassays for large rivers in the midwestern and western
US (8.8% ± 4.6; Hotchkiss et al. 2014) and headwater streams
of the Maryland Coastal Plain (0–25%; Hosen et al. 2014) but
similar to previous estimates of % DOC consumed at the watershed scale, which ranged from 27 to 45% for 7 watersheds
in the northeastern region of the US (Mineau et al. 2016).
Thus, the BDOC metric suggests bioassays underestimate
DOC demand not only in experimental streams, but also in
real streams.
Other metrics of DOC loss, such as decay rates and uptake
velocities of DOC, were greater in real streams compared to
both bioassays and experimental streams. Many ﬁeld studies
add glucose as a proxy for the labile forms of DOM, an approach that overestimates DOC demand for the entire DOM
pool (Mineau et al. 2016), which may contribute to faster estimates of DOM demand in real streams. However, semilabile sources of DOM also tended to have faster estimates
of DOM demand in real streams. For naturally-occurring
riverine DOM, Mineau et al. (2016) derived a scaling factor
to apply bioassay decay constants to reach-scale leaf leachate additions and constrained DOC uptake velocities to a
range of 0.26 to 1.5 mm/min for rivers with average DOC
concentration of 4.3 mg/L. The range of uptake velocities
in this study of bioassays (20.035–0.1 mm/min) and experimental streams (20.016–0.131 mm/min) were both lower
than the minimum 0.26 mm/min reported by Mineau et al.
(2016), implying both bioassays and experimental streams
underestimate DOM demand in real streams.
Bioassays may underestimate decay because they exclude
DOC consumption by benthic bioﬁlms and the effect of abiotic factors, such as photodegradation, adsorption, and sedimentation (Cory and Kaplan 2012, Catalán et al. 2016). Field
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studies better integrate all processes of DOC loss and production, which may have minimal consequences for bioassays of
aquatic systems with long water residence times (e.g., >1 y)
but could signiﬁcantly inﬂuence bioassay decay rates in water
bodies with short residence times, such as streams (Catalán
et al. 2016). Field studies of OM demand through mass balance
models of organic carbon ﬂux can account for instream processes such as benthic uptake, hyporheic ﬂow, and photodegradation (Catalán et al. 2016, Mineau et al. 2016). Although mass balance models may better reﬂect realistic
conditions for DOC processing, they also result in highlyvariable estimates of bulk DOC demand ranging from 0.03
to 430.8 mm/min (Thomas et al. 2005, Grifﬁths et al. 2012,
Epstein et al. 2016, Hall et al. 2016). Further study is needed
to understand if experimental streams or similarly-sized mesocosms can ﬁll the gap in estimating DOM demand in real
streams. We found that although BDOC estimated from
experimental streams was similar to 1 other study that estimated BDOC at the watershed scale (Mineau et al. 2016),
DOM demand metrics were lower in experimental streams
compared to real streams. Our experimental streams accounted for additional DOM demand processes associated
with the benthic zone; however, further studies are needed
to test the ability of experimental streams to account for
larger-scale processes associated with hyporheic exchange
and abiotic controls on DOM transformations that we could
not control for, such as temperature.
Light increased BDOC of soil leachate
Exposure to natural sunlight decreased aromatic content
in DOM and increased BDOC of light-degraded soil compared to the single-source soil incubations in experimental
streams. Our indices of DOM degradation by natural sunlight differed from previous studies because sunlight exposure time was much shorter than previous incubations. One
other study, conducted in streams, found signiﬁcant changes
in tyrosine-like DOM within 4 to 7 h of sunlight exposure
(Cory et al. 2007), but most studies investigated the effect of
light over 24 to 48 h (Skully et al. 2004, Bittar et al. 2015) or
up to 5 wk (Guillemette and del Giorgio 2011, Catalán et al.
2015). Our study highlights the effect of sunlight on DOM
quality after just 3 to 4 h of exposure, a duration that represented the minimum duration of sunlight exposure for a
stream in the warm months of a temperate ecosystem with
some riparian shade and a short travel time (e.g., 20 h; Epstein
et al. 2016). Therefore, photodegradation may be an important factor that inﬂuences DOM decay in streams even at
hourly timescales (Bowen et al. 2019).
Decay rates of labile and semi-labile DOM pools
were difﬁcult to distinguish and quantify
Neither biexponential nor biphasic decay models could
constrain estimates of the labile and semi-labile pools for
non-additive effects incubations. Therefore, neither posi-
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tive nor negative non-additive effects were consistently
quantiﬁed. Positive non-additive effects were detected in
the PrimeLight incubation, but wide-ranging estimates of
single-source decay rates resulted in a wide range in effect
sizes. For example, the PrimeLight biexponential model estimated an effect size ranging from 24.2/d to 11.7/d suggesting non-additive effects could be either positive or
negative. Non-additive effects were always negative for
the PrimeAlgae biexponential model because the model
could not distinguish between the labile and semi-labile
DOM pool, as indicated by the model estimating a faster
decay rate for the slow compared to fast pool.
A stable isotope tracer of terrestrially-derived DOM
would have helped differentiate fast and slow pools, allowing better estimation of labile and semi-labile decay rates.
Several studies have used d13C stable isotope tracers of the
labile (van Nugteren et al. 2009, Gontikaki et al. 2013,
Guenet et al. 2014, Bianchi et al. 2015, Trevathan-Tackett
et al. 2018) and semi-labile (Bengtsson et al. 2014, Ward
et al. 2016, Wagner et al. 2017, Gontikaki and Witte 2019)
DOM pools, whereas others used 14C-labeled semi-labile
DOM (Steen et al. 2016). However, for most of these studies, the effect size was also highly variable (Bengtsson et al.
2018), and evidence to conﬁrm positive non-additive effects
was lacking. For example, studies in rivers and streams reported effect sizes ranging from 290 to 150% change in
semi-labile pool degradation (Bengtsson et al. 2014, Ward
et al. 2016, Wagner et al. 2017).
Additionally, it was hard to quantify net DOM decay
because, similar to previous bioassay incubations, DOC
concentrations increased during the initial phase of incubations (Hosen et al. 2014, Bianchi et al. 2015). All but 2 incubations in this study included DOM production after incubation in the dark, resulting in highly-variable decay
rates that may have underestimated the total amount of
DOM assimilated or mineralized. We recommend future
bioassay studies account for production with ambient DOC
controls (e.g., Hosen et al. 2014, Textor et al. 2018), which
may reduce variation in estimates of single-source decay.
Quantiﬁcation of non-additive effects depends
on incubation period
In this study, decay rates were faster when calculated
within the ﬁrst 6 to 24 h of the incubation compared to 70 h
for both bioassays and experimental streams, which violates
the assumption of a constant decay rate for 1st-order decay
models. Most DOM decay studies assume a constant 1storder decay rate (Guillemette et al. 2013), but most studies
also conduct incubations for longer than 3 d. A few studies
have estimated DOM decay within the ﬁrst 12 to 24 h of
incubation (Cory et al. 2007, Lyon and Zeigler 2009, Ward
et al. 2016), but most incubation durations range over days
(Bernhardt and Likens 2002, Hotchkiss et al. 2014), weeks
(Guillemette and del Giorgio 2011, Catalán et al. 2015),
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months (Danger et al. 2013), and years (Vähätalo and Wetzel 2008, Evans et al. 2017). Labile DOM pools in freshwater
are known to decay within minutes (Pollard 2013, Bowen
et al. 2019) or within hours to 1 d (Guillemette and del
Giorgio 2011, Cory and Kaplan 2012, Hotchkiss et al. 2014,
Mostovaya et al. 2016), while semi-labile DOM is assumed
to decay over weeks or months (del Giorgio and Pace 2008,
Guillemette and del Giorgio 2011). Perhaps the inconstant
decay rate in our study was an artifact of the very short incubation time, and 1st-order decay models are most appropriate
for experiments with longer incubation periods (weeks–
months) vs short incubation periods (hours–days). Future
studies should consider alternatives to 1st-order decay models, such as the reactivity continuum model (Koehler et al.
2012, Guillemette et al. 2013) and the 3-parameter reactivity
exponential decay model (Textor et al. 2018), which do not
assume a constant decay rate and, therefore, may better characterize DOM degradation in real streams.
Future studies using bioassays to quantify consumption of
autochthonous DOM, or other labile DOM sources, should
also consider the water residence time of the ecosystem the
bioassay represents. For example, to account for degradation
of the most labile forms of organic matter in streams, we recommend bioassays include sampling within the ﬁrst 24 to
48 h of incubations. Improved estimates of labile DOM consumption rates at ﬁner timescales (e.g., hours) can help clarify
assumptions needed to model organic carbon ﬂux in water
bodies with short residence times, especially streams.
Positive non-additive effects remain elusive
in aquatic ecosystems
The study of non-additive effects of labile and semi-labile
DOM in aquatic ecosystems has received renewed attention
in the last decade (Guenet et al. 2010, Bengtsson et al. 2018),
but overall evidence for positive non-additive effects in aquatic
ecosystems remains lacking (Bengtsson et al. 2018, Textor
et al. 2018). We acknowledge that the inability to detect consistent positive non-additive effects could reﬂect that priming
does not occur in aquatic ecosystems. We propose that quantiﬁcation of positive non-additive effects will continue to remain elusive because of inconsistencies in the timescale over
which priming is deﬁned and high variability in the chemical
compounds and methods used to simulate the decay of labile
and semi-labile OM pools. Since 2010, 20 studies explicitly
tested for non-additive effects of DOM in aquatic ecosystems, 8 measured a positive non-additive effect, 7 did not
measure positive non-additive effects, and 5 measured both
positive and negative non-additive effects (Bengtsson et al.
2018 and references within, Textor et al. 2018, Gontikaki
and Witte 2019). Of studies that identiﬁed positive nonadditive effects, 3 measured DOM demand within the ﬁrst
3 d of incubations and noted that maximum rates of DOM
demand occurred within the ﬁrst 24 h of incubation (Guenet
et al. 2014, Bianchi et al. 2015, Ward et al. 2016). Of recent

non-additive effect studies, 65% used naturally-occurring labile OM, such as algal leachates, while the other studies used
glucose or other simple compounds that likely overestimate
the DOM demand within the labile DOM pool (Bengtsson
et al. 2018). It is also important to consider the timescale over
which non-additive effects are quantiﬁed because increased
rates of DOC loss in the short term (hours–days) may only
account for microbial biomass accrual and turnover (i.e., apparent priming) and not represent actual increased rates of
semi-labile OM mineralization (Textor et al. 2018). This
study ﬁlls gaps identiﬁed by previous investigations of nonadditive effects in aquatic ecosystems because we estimated
DOM decay within the ﬁrst 24 h of incubation, used natural
sources of labile DOM, and included a benthic component
in estimation of DOM decay.
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